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ABSTRACT

Managed Aquifer Recharge (MAR) is a key strategy to increase freshwater resources in many regions facing water
scarcity. MAR issues are related to both quantity and quality of the infiltrating water. In most countries, very high
quality of the infiltrating water is required, to limit the impact on the aquifer geochemistry. In this paper, the pos-
sibility of injecting water of lower quality in the aquifer and letting the biogeochemical reactions take place in
order to enhance its quality is explored. Here, we present the fate of nutrients (C, N) in the biogeochemical sys-
tem of a reactive barrier formed by mixture of different proportions of sand and compost, supplied with treated
wastewater to mimic MAR. An integrated conceptual model involving the nutrient cycles and biomass dynamics
(auto- and heterotrophic) was developed, and then tested with a number of solute transport experiments in col-
umns with different compost fraction in the column filling. The model incorporated both saturation and inhibi-
tion processes (regarding the nutrients and their byproducts) to provide a comprehensive picture of the nutrient
dynamics within the column. The model developed (three if considering the 3 column setups) allowed to dis-
criminate the processes that govern the fate of nutrients in relation with the compost enhancing long-term nu-
trient degradation, yet hindering hydraulic parameters that affect infiltration rates.

© 2021 Published by Elsevier B.V.

* Corresponding author at: Dept. of Civil and Environmental Engineering, Universitat
Politécnica de Catalunya, Jordi Girona 1-3, 08034 Barcelona, Spain.

1. Introduction

Managed aquifer recharge (MAR) is a well-established technology
capable of increasing the water resources storage with the purpose of
either later being recovered for different uses (agricultural, industrial
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such as: reducing the physical impacts in rivers and lakes (mainly geo-
logical natural formations) due to water storage structures (dams
mainly) for drinking purposes; reducing saline intrusion due to well
over-exploitation; protection of local wildlife due to ecosystem preser-
vation (without the anthropic modification of lakes and rivers, wildlife
can maintain their original ecosystems), among other (Dillon et al.,
2019). Consequently, MAR emerges as an efficient tool to minimize
water scarcity, especially in arid and semi-arid regions, such as the Med-
iterranean basin (Rodriguez-Escales et al., 2018). Water scarcity, to be
exacerbated in the future due to climate change, combined with high
population density, draw an alarming scenario for water security in
the Mediterranean region and worldwide in the coming decades
(IPCC, 2007; Giorgi and Lionello, 2007; Pedretti et al., 2012).

The two main controversial topics that are limiting the widespread
implementation of MAR facilities are the infiltration rate capacity losses
over time and the quality of the infiltrating water (e.g. Rodriguez-
Escales et al., 2018). The infiltration rate capacity decreases with time
driven by the physical and chemical characteristics of the water sup-
plied to the MAR facility and to the actual technology used for recharge
(Dillon et al., 2019). Physical and biological clogging are two main rea-
sons of infiltration rate loss (Carles Brangari et al., 2017; Rodriguez-
Escales et al., 2018). Whereas physical clogging depends on the size
and amount of particles in suspension in the input water (Pedretti
et al., 2012), bioclogging is mostly controlled by biofilm growth on soil
grains that conform the porous media, reducing the effective size of
the pores. Biofilm growth is mainly governed by the concentration of
supplied nutrients and by temperature.

The quality of the infiltrating water mainly depends on the biochem-
ical signature of the input water and the reactions that take place within
the system (mainly the top few cm). Due to the combination of environ-
mental and human health protection laws, in some cases the biogeo-
chemical signature of the water that can legally be infiltrated are
restrictive, in some cases allowing only the infiltration of water of drink-
ing quality (Dillon et al., 2019) or even osmotized water (Ganot et al.,
2018). On the contrary, two most common sources of water supplied
to MAR facilities are excess river water in flood episodes, and effluents
from wastewater treatment plants (WWTPs, after either secondary or
tertiary treatment). In the latter case, MAR actions can be considered
as a solution to re-naturalize wastewater, within the context of circular
economy (Dillon et al., 2010), where treated wastewater should be seen
as a resource rather than a waste (Van Der Hoek et al., 2016).

However, due to the abovementioned concerns about water quality,
the usage of wastewater outflow has been limited and dependent on
the type of MAR technology (Maliva and Missimer, 2012). Nevertheless,
we contend that using water with drinking standard quality for aquifer
recharge is a very narrow vision, as looking exclusively to the quality of
the supplied water overlooks and ignores the purifying capacity of the
subsoil, which can considerably improve water quality (Silver et al.,
2018). Rather, we focused in the quality of water once it reaches the
aquifer, or even the discharge point, being either a well, a spring or a
body of surface water. Consequently, MAR facilities implementation
must track the evolution of water quality along the infiltration path
and with time. This implies tracking the fate of different target com-
pounds, and, to enhance attenuation processes during recharge within
the context of soil-aquifer remediation technologies. In the case of nitro-
gen compounds present in the recharged water (NHZ, NO3, NO3 ), lim-
itations in the accepted concentrations for water to be used in MAR
facilities is linked to the risk for humans to develop methahemoglobine
or stomach cancer, or else to promote water eutrophication (Grau-
Martinez et al., 2018, 2017; Maeng et al., 2011; Miller et al., 2006).
Therefore, the goal would be to create an environment capable of
completely reducing the N-compounds and promoting the formation
of dinitrogen gas, being a harmless compound. That means promoting
a reductive environment, which normally is conditioned by the pres-
ence of labile organic carbon (OC, acting as an electron donor in a
reduction-oxidation system). Since the concentration of labile OC in
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the aquifer is low, a potential solution to enhance the metabolism of ni-
trogen compounds is the addition of an external pool into the system. In
the context of a MAR facility involving an infiltration pond, this can be
achieved by the installation of a reactive layer partially composed of or-
ganic carbon into the bottom of a pond (Alazard et al., 2016; Dillon et al.,
2009; NRMM(C, 2006; Valhondo et al., 2014).

A successful experience in this regard was the installation of a per-
meable reactive layer at the MAR system placed at the Llobregat Lower
Valley (Valhondo et al., 2014) near Barcelona (Spain); this layer en-
hanced not only the degradation of nutrients and emerging organic
compounds, but also the biological activity of the subsoil (Barba et al.,
2019). Different materials for organic layers have been tested and re-
ported in the literature, several of them sharing similar concentration
values in labile organic carbon. For example, organic substrates such as
compost (Grau-Martinez et al., 2017; Schaffer et al., 2015; Valhondo
et al., 2014), softwood (Gibert et al., 2008) and palm leaves (Grau-
Martinez et al., 2017) were tested with positive results in terms of the re-
duction of nitrogen compounds in experiments under batch conditions.

The Nitrogen cycle is complex, as processes depend on the redox
state of the system and the presence of biomass (quantity, diversity, den-
sity, etc.). The most common nitrogen-compound present in a WWTP
outflow is ammonium, NH5, which can be oxidized to nitrate, NO3, in
the presence of oxygen, catalysed by autotrophic biomass (nitrification).
Nitrate can then be reduced to dinitrogen gas, N,, in the presence of an
electron donor by either autotrophic or heterotrophic biomass (denitri-
fication). Both nitrification and denitrification processes are sequential,
forming a suite of intermediate nitrogen compounds (e.g., NO5, NO, or
N>0). Their formation should be avoided; first, NO3, is quite a harmful
compound that can be accumulated during either nitrification or denitri-
fication; second, NO, are greenhouse gases. Finally, the processes of dis-
similatory nitrogen reduction to ammonia (DNRA), using organic carbon
as electron donor and potentially accumulating nitrite (Grau-Martinez
et al., 2017; van den Berg et al., 2016), is quite common in the nitrogen
dynamics, thus introducing more complexity to the system.

In this way, it is quite important to improve the knowledge about the
impact of a reactive barrier in the processes governing the fate of nitro-
gen compounds, especially concerning the accumulation of hazardous
products (ammonia, nitrite or NO). Geochemical modeling is particu-
larly useful to improve this understanding. In the literature, there are
different conceptual models for the N-cycle in the subsoil, incorporating
only a subset of the processes described, such as nitrification (Koper
et al,, 2010; Urakawa et al., 2016), denitrification (Green et al., 2008;
Mastrocicco et al.,, 2011; Rodriguez-Escales et al., 2016) or DNRA
(Rubol et al.,, 2013). Nevertheless, most of them do not include the inter-
relation between processes and reactions (Schmidt et al., 2012), or do
not account for changes in input dynamics that define the evolution of
the biological community in the system (Akhavan et al., 2013).

Besides, the enhancement of degradation enforced by the presence
of a reactive layer would imply an increase in biomass production,
and, consequently, a significant biofilm growth leading to partial pore
network clogging. In this way, the evaluation of the risk of clogging as
a function of time and distributed in space due to the installation of an
organic reactive layer is not yet available in the literature.

Considering all of these, the main aim of this work is to develop a
comprehensive geochemical model of carbon and nitrogen dynamics
in porous media, aimed at determining the impact of a reactive layer
in the context of managed aquifer recharge. As a side objective, we
want also to evaluate changes in transport parameters due to biofilm
growth induced by the presence of such reactive layer. To this end, we
present the conceptual model describing interrelation between biogeo-
chemistry and hydraulic parameters. Subsequently, the model is vali-
dated with data from a set of column experiments (Modrzynski, 2021)
developed with different proportions of compost (being the source of la-
bile organic carbon) and sand. Finally, we present the results of the
model allowing for a thorough discussion of biogeochemical and hy-
draulic processes and calibrated parameters.
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2. Methodology

In this work, three sequential steps were considered: (1) conservative
transport analysis and modeling, setting the baseline for the evaluation of
the potential effect of biofilm growth upon transport; (2) building the
conceptual model for the biologically catalysed geochemical reactions;
and (3) construction of the numerical model and its implementation. Fi-
nally, the numerical model is verified with flow through experimental
data in columns from (Modrzynski, 2021).

2.1. Flow and conservative transport model: evaluation of the impact of bio-
film growth upon transport parameters

The first step was to create the flow and the conservative trans-
port models. We assumed transport in bioclogged porous media to
be well described by a dual porosity model (e.g., Haggerty and
Gorelick, 1995; Lawrence et al., 2002), already used frequently in
the literature to model a number of tracer tests in column experi-
ments (Delay et al., 2013; Rodriguez-Escales and Sanchez-Vila,
2016; Seifert and Engesgaard, 2007). A dual porosity domain model
represents the porous medium as composed of a mobile and one
(or alternatively a suite of) immobile fluid porosity regions that
coexist. In the former, representing the volume occupied by the
aqueous phase, advection and dispersion are the main driving pro-
cesses; in the latter, being the region where biofilm dynamics de-
rived from the growth of heterotrophic and autotrophic biomass
take place attached to the sediment, only diffusion is considered.
Both regions exchange mass proportionally to the difference in
their concentrations at any given time. The equation describing the
concentration of species i in the mobile zone, ¢, ;, here assuming a
simple one-dimensional domain as it will be later applied to column
experiments, is:

0Cm; 0Com;i DY Cri

L TR b R

T (1)

where D is the dispersion coefficient, q is specific discharge, ¢,,, the po-
rosity corresponding to the mobile zone, and I; the source-sink term
controlling the mass transfer of species i, between the mobile (m) and
the immobile regions (im), given by:

T = @i (Cni—Cim;i) (2)

with o the mass transfer rate coefficient [T~], ¢ [—] the porosity cor-
responding to the immobile region (volume fraction occupied by the
biofilm), and Gi;,,; the concentration of species i in the immobile region.
The actual total porosity is then ¢; = ¢, + ¢im. The reason behind this
porosity change is that the formation of biofilm colonizes pores that
were initially occupied by water in sediments (bioclogging), so that
the pores occupy the same volume at the beginning and end of the ex-
periment. Therefore, a key parameter in characterizing the shape of the
breakthrough curve in the dual porosity model is the ratio of porosities
(Fernandez-Garcia and Sanchez-Vila, 2015) given by 3 = ¢jn/dm. In the
limiting case of 3 = 0, equivalent to I; = 0, Eq. (1) converges to the clas-
sical advection-dispersion equation (ADE).

2.2. Reactive transport model: processes and governing equations

2.2.1. Biogeochemical processes: nitrogen and carbon cycle

The biogeochemical conceptual model for the nitrogen and the car-
bon biochemical cycles is depicted in Fig. 1, showing the main processes
involved. Under aerobic conditions, two processes are considered: oxi-
dation of organic matter (process 1 in Fig. 1) and oxidation of ammonia
(process 2.1 and 2.2). The former is triggered by heterotrophic biomass
(indicated by 6.3 in the figure), and the latter by autotrophic one (5.1
and 5.2 in the Figure). In both cases, we considered a growth of biomass
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which could eventually decay and form inorganic carbon. In the case of
nitrification, the oxidation of ammonia to nitrate (nitritation, process
2.1) leaves nitrite as an intermediate product which is then transformed
into nitrate (nitratation, process 2.2). We did not distinguish between
microbial populations (only distinguished between aerobic and anaero-
bic) in order to simplify the model.

Concerning anaerobic conditions, we considered oxidation of or-
ganic carbon due to denitrification, i.e., the reduction of nitrate to
dinitrogen gas (process 3.1 and 3.2). This process is mainly driven by
heterotrophic denitrifying biomass (6.1 and 6.2). In this case, we also
considered two steps in the reduction of nitrate, as well as the transient
accumulation of nitrite. The accumulation of other intermediate nitro-
gen compounds, NO and N,0, was neglected. Besides, we also consid-
ered Dissimilatory Nitrate Reduction (DNRA, process 4), a process that
implies a consumption of nitrate and organic carbon in order to gener-
ate ammonia by DNRA-specific biomass (heterotroph, number 6.4 in
the Figure).

The model also describes the release of labile dissolved organic car-
bon (DOC) and ammonia from compost, a process independent from Eh
conditions (process 7). Organic matter was considered in two fractions,
easily degradable and recalcitrant, and it was considered that only the
former could be degraded and therefore the latter was unaccounted
for in the biogeochemical reactions.

2.2.2. Geochemical models: processes and reaction rates

The next step was the construction of the geochemical numerical
model. Table 1 compiles all the reactions considered in the modeling
process and sketched in Fig. 1, including the stoichiometric coefficients
and the expressions for the individual reaction rates. As a general rule,
we included double Monod Kinetic terms in the main redox reactions:
oxidation of organic matter, nitrification, denitrification and DNRA. Re-
actions were assumed kinetically controlled, characterized by a set of
parameters: Kyqy, i/ [T~'] being the consumption rates of electron
donor per unit value of biomass of the “j” process; K;, ; [ML™] the satu-
ration constants of the “i” compounds; b [T~!] a decay constant for au-
totrophic biomass (bay:) and heterotrophic biomass (bpe;); and K; j,
[ML~3] the inhibition constants for the “j” compounds. Both autotrophic
and heterotrophic biomass were introduced into the model as two dif-
ferent immobile species; they were conceptualized as having an aver-
age chemical composition of CsH,0,N (Porges et al., 1956). We did
not distinguish between different autotrophic biomass, e.g. ammonia-
oxidizing bacteria or nitrite-oxidizing bacteria since it would increase
complexity and uncertainty in the model. Nevertheless, we distinguish
between total heterotrophic biomass and denitrifying and DNRA bio-
mass by adding a ratio into the model (o; = 0.1 and o, = 0.05, respec-
tively). The release of organic carbon from compost was modeled as first
order kinetics. Here, compost was defined as an immobile species, with
a stoichiometric of compost release calibrated to fit the experimental
data of organic matter and ammonia.

2.3. Description of the experiment and data set

The conceptual model described was then applied to interpret a
number of column experiments available in the literature (Modrzynski,
2021), aiming at finding the impact of the addition of different propor-
tions of compost within soil material (sand) in the different compounds
involved in the nitrogen cycle. These infiltration experiments consisted
of five treatments with two replicates each (a total of 10 columns) that
ran for a total time of 116 days. The water flow in the column was verti-
cal (top to bottom) fixed at 0.5 ml/min. The columns were 6.6 cm of in-
terior diameter, and composed of a top layer of field sand (2-2.5 cm)
underlain by the 29 cm-long reactive layer (for the different proportions
of field sand and vegetal compost, see Table 2), with a coarse silica sand
layer at the bottom (3 cm). For the compost molar composition, we
considered a chemical formula of Cy04 H325 Ogs N77 S, and an average
density of 550 Kg/m?>. For further details on the column setup and
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Fig. 1. Conceptual model of biogeochemical processes occurring during column experiments. In aerobic conditions, the reactions included are nitrification (two steps, from ammonium to
nitrite and then to nitrate) and labile organic matter oxidation. For the anaerobic reactions, denitrification (two steps, from nitrate to nitrite and then to nitrogen gas) and DNRA (which
implies the conversion of nitrate into ammonium). Finally, the biomass (auto and hetero) decay is included (which generates carbon dioxide and ammonium).

reactive barrier composition, see Modrzynski, 2021 and Valhondo et al.,
2020. In addition, selected columns were inoculated with real wastewa-
ter (activated sludge) for a short period of time (see Table 2), in order to
test the effect of the addition of real wastewater biomass (further details
in Modrzynski, 2021). The packing of the columns was done under fully
water saturated conditions to minimize the amount of trapped air during
filling. A total of 6 sampling points were installed at each column: one at
the inflow water headspace, four along the column (at 4, 8, 13 and 20 cm
depth), and one at the outflow (30 cm depth), allowing the delineation
of aqueous concentrations of ammonium, nitrate, nitrite, O, and dis-
solved organic carbon (DOC) at selected times at all six sampling ports.

At the end of the experiments of Modrzynski, 2021, the columns
were dismantled and the sediment was characterized in terms of
biofilm development from samples taken in all 10 columns at four
different depths: in the reactive barrier, at zones around the first
(depth A, 4 cm), second (depth B, 8 cm), and third sampling point
(depth C, 13 cm), as well as at the interface between the reactive bar-
rier and the silica coarse sand (depth O, 29 cm). For depths A, C and
O, two samples per depth were taken, these integrating both the ex-
ternal and the internal parts of the column. For depth B, 3 samples
were taken for the outer part of the column and 3 for the inner part
of the column, in order to test if there were differences between
them and if some kind of preferential heterogeneity could be ob-
served. In each sediment sample, we measured the amount of
glucose in the Extracellular Polymeric Substances (EPS), the non-
soluble Organic Matter (associated to sedimentary organic matter
and biological material), bacteria density in the sediment, and pres-
ence of algae (in the form of chlorophyll-a). Sediment samples of
3 ml (approximately 7 g) of sediments were stored frozen in plastic
vials.

The sampling for bacterial analysis was also performed in drained
sediment samples of 1 ml (2.3 g) from the columns, stored in glass
vials with 10 ml of inlet water and 100 pl of a Formaldehyde solution
at 37%, and stored in the fridge (unfrozen). For depths A, C and O, two
samples integrating both the external and internal parts of the column
were taken. No samples from depth B were taken in this case. Specific
details of sampling and conservation procedures were identical as
those in Perujo et al. (2019), based on the works of (Amalfitano et al.,
2009; Amalfitano and Fazi, 2008).

2.4. Biogeochemical model set up

We constructed a numerical biogeochemical model using PHT3D
v 2.17 (Prommer et al., 2001). This code couples the transport simu-
lator MT3DMS (Zheng and Wang, 1999) and the geochemical code
PHREEQC-2 (Parkhurst and Appelo, 2013), based on a sequential
split-operator technique. The column experiments were modeled
considering a 1D model with a total length of 29 cm (average of reac-
tive barrier length for all the columns) divided in 100 cells 0of 0.29 cm
with a width 0of 0.3419 m (in order to simulate the total surface of the
column experiments assumed rectangular in the code). The model
ran for 104 days (0.005 days for delta t), corresponding to the sampling
period. The time discretization was selected to satisfy the Peclet and
Courant numbers criteria. Dispersive transport was computed accord-
ing to the third-order total variation diminishing scheme.

The conservative transport model with dual domain in PHT3D incor-
porated the parameters determined in the tracer test (see the next sec-
tion). For the reactive part we incorporated the rates described in
Table 1. For the reactions in equilibrium, they were taken directly
from the general PHREEQC database. Kinetic processes (see Table 1)
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Table 2

Composition of the reactive layer in terms of percentages (in volume) of vegetal
compost and sand. Each column was run in duplicate and inoculated. Column 1
and 2 were also run without inoculum in order to evaluate its effect.

Column notation Proportion (%) compost/sand

0/100 (pure sand)
10-90
50-50
0/100 (pure sand)
10-90

v W N =

were incorporated into the module in the form of BASIC routines, as ex-
plained in Rodriguez-Escales et al., 2016 and Carrey et al., 2018.

The experiment had four distinctive sub-periods in terms of signa-
ture of the inlet water. The chemical signature of the water in these
sub-periods is described in Table 3. These values were used as input
concentrations for the numerical model.

The calibration process of the biogeochemical model was per-
formed manually (first considering data from the literature, then
focusing on one biogeochemical process at a time and then going
for another process until the iterative process yielded global good
results), using the experimental concentration data for ammonium,
nitrite, nitrate and DOCat the outflow of the columns and in the ex-
perimental profiles performed. For the calibration we considered
the duplicates of the experiments.

3. Results and discussion

3.1. Conservative transport and biofilm growth: evaluating the evolution of
hydrological parameters

At the beginning and at the end of the column experiments a conser-
vative tracer test was performed in order to characterize the apparent
transport properties of the columns, and in particular to test the impact
of biofilm growth in the columns upon transport of conservative species.
The tracer selected was tritium; it was instantaneously injected using a
laboratory syringe in the stagnant zone of each column, and monitored
continuously at the outflow of the column, thus being able to recon-
struct the breakthrough curves (BTCs). For more details about the exper-
imental procedure and analysis of the tracer test, see Modrzynski, 2021.

Table 3

Chemical signature of the injected water (in mol/L) for the four sub-periods. (*) DIC - Dis-
solved Inorganic Carbon; (**) DOC - Dissolved Organic Carbon; (***) these values are 15%
higher than the experimental concentration in Modrzynski et al. (2020), in order to cor-
rectly fit the experimental data with the numerical model. Compost and the two elements
representing biomass are considered solid species and their concentrations are related to
the porosity of the media.

Compounds Sub-period -  Sub-period - Sub-period -  Sub-period -

IdaysOto5 I il \Y
days5to19 days19to29 days29to116

NHi (M) 643 x 107 643 x 107* 160 x 107%™ 1.60 x 1074~

DIC* (M) 3.00 x 1073 300 x 10> 3.00 x 10> 3.00 x 1073

Ca (M) 2.00x 1073 200x 1073 200x 107> 200 x 1073

Cl (M) 130x 1072 130x 1072 130x 1072 130x 1072

DOC*™* (M) 234x107% 883 x107*% 279x107% 392x107*

K (M) 6.00 x 107*  6.00 x 10™* 6.00 x 107*  6.00 x 10~

Mg (M) 150 x 107> 150 x 10> 150 x 1073 150 x 1073

Na (M) 1.00 x 1072 1.00 x 1072 1.00 x 1072 1.00 x 1072

0, (M) 315x107% 315x107% 315x107* 3.15x 1074

5032 (M) 15%x103 15x103% 15x10°3 15x 1073

pH 6.4 6.4 6.4 6.4

Pe 14.265 14.265 14.265 14.265

Biomass (het) (M) 8.00 x 10~¢

Biomass (auto) 1.00 x 107°

(M)
Compost (M) 100% sand -

10% comp 0.010
50% comp 0.053
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Table 4
Apparent transport parameters determined from the tracer tests including their standard error.
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Units Column 1: 100% sand Column 2: 10% compost Column 3: 50% compost

Initial End Initial End Initial End
Flow rate ml/min 0.5 0.5 0.5 0.5 0.5 0.5
Water velocity cm/min 0.0344 0.039 0.031 0.035 0.028 0.029
Dispersivity cm 0.040 £ 0.009 0.037 £ 0.016 0.219 4 0.103 0.194 £ 0.075 0.762 4 0.099 0.724 £+ 0.724
or [—] 0.424 0.366 0.471 0.424 0518 0.504
bim [—] 0.028 + 0.011 0.037 + 0.046 0.021 + 0.228 0.030 + 0.190 0.031 + 0.159 0.146 + 0.151
B [—] 0.071 + 0.030 0.111 £ 0.148 0.047 + 0.529 0.076 £+ 0.510 0.064 4+ 0.349 0.408 + 0.596
a min™! 0.125 £ 0.025 0.1597 + 7.4 x 1073 0.0492 4 0.013 0.068 + 0.0255 0.0081 + 1.28 x 107> 0.1403 + 1.96 x 107

While the tests performed prior to the experiments could mostly be
interpreted using the traditional Advection Dispersion Equation (ADE),
we preferred to interpret all tests using a common model, being the dual
domain, to allow comparison of hydraulic parameters between .... The
experimental BTC data was fitted using the CXTFIT code (Toride et al.,
1995); the parameters fitted were: dispersivity; total, mobile and im-
mobile porosities; and mass transfer coefficient (Table 4, showing the
mean value and the standard deviation of the calibrated parameters).

Regardless the initial values, after the four months of the experi-
ment, the fitted immobile porosity changed significantly (Fig. 2 and
Table 4), mostly in the columns containing compost. On the contrary,
no significant influence of inoculation on hydraulic parameters was ob-
served (results not shown). For this reason, data corresponding to non-
inoculated columns were included as additional replicates of columns 1
and 2, respectively (see Table 2).

Non-Fickianity in the curves increases with (3 (8 = 0 corresponding
to pure Fickian behaviour). For all three experiments we observed a sig-
nificant increase of the fraction of immobile porosity from the initial
tracer experiments (displaying very low (3 values), to those performed
once the experiments were completed. The effect is most significant in
the column containing 50% proportion of compost. Enhanced tailing in

all columns after day 104 is also modeled by (relatively similar for all
columns) values of the mass-transfer rates («). Tailing is associated
with the changes in the ecosystem of the microorganisms (quantita-
tively and qualitatively) colonizing the columns as observed in other
works (Rodriguez-Escales et al., 2016; Rubol et al., 2014). The « values
in the colonized columns reported in Table 4 indicate residence times
of the tracer within the biofilm on the order of 6-15 min, consistent
with the value reported by Sanchez-Vila and Rodriguez-Escales (sub-
mitted) of 5 min as overall representative of similar experiments per-
formed worldwide.

Data corresponding to bacterial density in the sediment correlates
significantly with the percentage of compost and 3 (Fig. 3a). Bacterial
density was correlated with the compost content, with 20-25 x 107,
5-10 x 107, and 2-3 x 107 cells per gpw for 50%, 10% and 0% compost,
respectively. This suggests the compost enhances bacterial growth in
the system leading to the variation in the hydrological transport
parameters.

Noteworthy, the peaks of bacterial density correspond to the first
centimetres of the column. We associate this observation to differences
in bacterial growth, known to be much higher in aerobic conditions as
compared to anaerobic since oxygen, being the electron acceptor,
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1 a) 1 b) 1 ¢
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25000 25000 1 5000 |
| - -
€ 20000 1 € 20000 1 € 4000 1
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o 15000 1 o 15000 - o 3000
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Fig. 2. Breakthrough curves of the tracer tests performed at the beginning (day 0) and the end of the experiments (day 116). The points represent the experimental concentration of tritium
recorded whereas the lines are the model results. Column notation is displayed in Table 2.
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Fig. 4. Results of the biogeochemical modeling at the outflow of the different columns. Black points indicate experimental data whereas black solid lines are the model results. Dashed black
lines represent the respective concentrations at the inlet. Background colors of the plots refer to the different Inflow sub-periods (Table 3) in the experiment: blue - I, green - II, yellow - III,

red - IV.

provides much better energy yield than most electron acceptors (in ad-
dition to having a biomass growth yield higher than anaerobic bacteria).
Only to be followed closely by nitrate energy yield, which is the reason
why this compound is used in those environments where oxygen avail-
ability is low (Rittmann and McCarty, 2012). On the other hand, as the
content of chlorophyll-a was negligible, the growth of biomass was
not associated to photosynthetic metabolism (in addition the columns
were covered in aluminium foil to prevent light penetration).

The change in transport properties during the experiments is also
reflected in the biological variables measured at day 104 for different
depths (4, 8 and 25 cm) (see Fig. 3). The content of non-soluble organic
matter (0.5% in 100% sand columns, 1.0-1.5% in 10% compost columns,
5-7% in 50% compost columns, Fig. 3) increased with the percentage of
compost mixed with sand. Note that in compost columns a decrease of
non-soluble organic matter in depth was observed in Fig. 4, whereas it
remained constant in full sand columns. This was arguably associated
to a potential release of soluble organic matter in columns that de-
creased over time and confirms the necessity of adding this process to
the conceptual model displayed in Fig. 1. Furthermore, it would indicate
limitation of the use of compost as a material in a reactive barrier has a
limited lifetime, especially in terms of providing an extra source of dis-
solved organic carbon.

Finally, EPS quantity (measured as glucose) also correlated (for both
cases p-value significantly low) positively with the proportion of com-
post (coefficient of determination r*2 = 0.81) and B ("2 = 0.46) in
Fig. 3c. However, the correlation due to 3 is subject to variation because
the value of this parameter has a lot of variability in the data obtained
(specially for the case of 0% compost). We associate this effect to the

growth of biofilm favoured by the nutrients supplied by the compost
and the addition of microorganisms already present in the compost,
again consistent with the reported changes in transport parameters.

Therefore, after combining the data from tritium BTCs and biological
analysis, the question that arises is whether the addition of compost on
the top soil of an aquifer forming a reactive barrier is overall beneficial
when combining quantitative and qualitative aspects. So far, the impact
on infiltration dynamics, reducing total infiltration capacity and en-
hancing non-Fickian transport caused by biofilm expansion in the
pore network is clear, increasing with compost content and time. How-
ever, the indirect impact of biofilm growth is quite complex. The pres-
ence of compost enhances biological activity. This agrees with surface
infiltration experimental information in field scale studies, where
biofilm needs to be scraped, treated or dried repeatedly to sustain the
infiltration yields over time (Dillon et al., 2019, 2009). Such enhanced
biological activity affects geochemical reactions catalysed by microor-
ganisms, resulting in a significant transformation of the water quality.
In the following section, we will evaluate the impact of such transforma-
tion upon the N and C cycles.

3.2. Biogeochemical modeling: evaluating the impact of a reactive layer in
the carbon and nitrogen cycles

The biogeochemical model described in Fig. 1 is used to simulate the
breakthrough curves (BTCs) at the outflow of the column (Fig. 4) and
the depth profiles alongside the columns (supporting information
Figs. S1, S2 and S3). Fig. 4 presents both the experimental data and the
best fitted model using the parameters listed in Table 5. Profile data at
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Fig. 5. Kinetic rates profiles for the three column setups, including data from the four sub-periods modeled (days 4, 12, 24 and 70 respectively for sub-periods I to IV). The days selected in

the graphs were approximately at the middle of each sub-period (Table 3).

selected times are presented in the Supporting Information (Figs. S1, S2
and S3). In general, the model is well adjusted to the experimental data.
In order to understand relative importance of the different processes,
we studied the evolution of rates presented in Fig. 5.

In sub-period I (days 0 to 5), nitrification was the dominating pro-
cess, indicated by the high concentrations of ammonia and oxygen in
all the column systems (Figs. 4 and 5). However, there was not enough
oxygen to exhaust ammonia and organic carbon. Columns with 10%
compost and even more that with 50% compost, showed the activation
of DNRA activity, due to the increase of organic carbon release from the
compost. Focusing on the relative importance of different process rates
(Fig. 5), we found that nitrification, organic carbon oxidation and com-
post release (in columns 2 and 3) showed the highest rates. Besides, due
to the short time and high concentrations of oxygen, organic carbon and
ammonia, inhibition and saturation terms embedded in the expressions
for rates were not significant, so that data could be fitted as well using
simple first-order degradation rates, governed by K’ .. For this same
reason, the estimated inhibition or saturation constants are highly
uncertain.

Sub-period II (days 5 to 19) was characterized by the increasing ef-
fect of denitrification due to the previous consumption of oxygen and
the presence of generation of nitrate from nitrification. This was espe-
cially true in the profiles corresponding to day 7 (bottom half) and
day 14 (all the column) that show the lack of oxygen (Figs. S1, S2 and
S3 from the supporting information). In this sub-period the inlet con-
centration of organic carbon was significantly reduced (from 2.3 to
0.88 mM), which could explain the nitrite accumulation associated to
denitrification (Betlach and Tiedje, 1981) in addition to the accumula-
tion due to incomplete nitrification. This accumulation, present in all
columns, was most significant in those including a fraction of compost.
Indeed, in the column with 10% compost, the concentration of nitrite
had a peak exceeding the drinking water standard (WHO, 2008).
Thus, it would seem that the presence of a reactive layer in infiltration
facilities could lead to transient accumulations of nitrite. Besides denitri-
fication, a significant process in this sub-period was the presence of
DNRA (mostly in the column with 50% compost, see Fig. 5) due to the
higher effect of organic carbon in compost release. Note that DNRA pro-
cesses are short lived, not only because they require a high concentra-
tion of organic carbon, but because they need nitrate as their input,
competing directly with denitrification (see Fig. 5). The kinetics of

DNRA are required to take as much nitrate as possible but only until a
certain amount of organic matter (1 x 107> mM approximately due to
the Ks of organic matter with a value of 2.8 x 10~ M), guaranteeing
that DNRA only occurred at the beginning of the column experiment
in agreement with the experimental data.

Sub-period IIl (days 19 to 29) was defined by a sharp decrease in the
inlet concentrations of both ammonia (reducing from 0.64 to 0.16 mM)
and organic carbon (from 0.88 to 0.28 mM). Under these conditions of
limited electron donor concentrations, oxidation of organic carbon, de-
nitrification and DNRA were significantly hindered. In the 100% sand
column, the concentration of organic carbon was below the K and
therefore the reactions barely took place (Fig. 5), and consequently the
concentration of oxygen eventually increased enough to generate aero-
bic conditions. On the other hand, columns with a fraction of compost
still had a significant release of organic matter and therefore the organic
carbon concentrations were not below the K; level and denitrification
was still present. Overall, nitrification regained more importance, reduc-
ing nitrite and increasing nitrate concentrations.

Sub-period IV (days 29 to 116) maintained the same ammonia con-
centration as sub-period III, but with a slight raise in the organic matter
concentration (from 0.28 to 0.39 mM). This had relatively no effect on
the 100% sand column because the main process was still nitrification
(accumulating nitrate). This was fully observed in the profiles for all col-
umns, displaying an increase in nitrate concentration with depth, indi-
cating that there was not enough organic matter to have a significant
effect of denitrification at these final sub-periods. However, in columns
with compost, denitrification was more significant, causing an accumu-
lation of nitrite, consistent with both experimental data and the fitted K
value of organic carbon (see Table 4). In the 50% compost column, nitrite
accumulation indicated incomplete denitrification. This observation
was also confirmed in the profiles, where at the top half of the column
nitrification was quite present (high nitrate concentrations), while at
the bottom half complete denitrification occurred (fully consuming
both nitrate and nitrite, see Figs. 4 and 5).

The kinetic of nitrification and aerobic oxidation of organic carbon
are in general similar (within the same order of magnitude) for all the
columns (Table 5). Denitrification, on the other hand, implied signifi-
cant differences in the calibrated K; values, indicating that the larger
the fraction of compost, the higher the tendency to consume respective
substrates. Inhibition, can be fitted with similar values for all reactions
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Table 5
Fitted parameters from biogeochemical modeling. Literature data obtained from Gao et al., 2010; Dinger and Kargi, 2000; MacQuarrie and Sudicky, 2001; Lee et al., 2006.
Units Column Column Column Literature
100% sand 10% compost 50% compost
Nitrification (oxidation of ammonium)
Kinax, nit,’ d! 4234 3.715 4.579 1-100
Ks o M 1.3 x 107> 5x107¢ 1x10°¢ 6.25 x 1075-4.812 x 107°
Ks, Ny M 1x107° 1x107° 1x107° 7.143 x 107%-3.571 x 10~*
Ki, noy M 4x107° 8 x107° 4x107° NF
Nitrification (oxidation of nitrite)
Kinax, nit,’ STid™") 10.368 8.64 8.64 1-100
Ks, o M 1x10°° 1x10°° 1x107° 6.25 x 1075-4.812 x 107
Ks, no; M 4%x10°° 1x10°° 1x107° 7.143 x 107%-3.571 x 10~*
Ki, nos M 2x107% 1x107* 1.7 x 107 NF
Aerobic oxidation of organic matter
Kimax, poc’ STid™ 0.9504 0.864 0.8208 1-100
K, 0" M 1x10°° 1x107° 2x107° 6.25 x 1075-4.812 x 107°
Ks, poc M 9x107° 4x1074 28 x 1074 833 x 1075-333 x 1073
Denitrification (reduction of nitrate)
Kinax, deni,’ STi(d™") 2.592 9.936 3.9744 0.2-40
Ks, no; M 1x 107 5x107° 1x10°° 7.143 x 107°-3.571 x 10~*
K's, poc M 1x107° 7x107° 5x107° 83167 x 10~
Ki o M 5x107° 2x107° 1x 1074 NF
Denitrification (reduction of nitrite)
Kimax, denit,’ STid™ 1) 0.39744 2.16 2.2464 0.2-40
K's, no; M 1x10°° 2x107° 1x10°° NF
K'’s poce M 6x107° 2x 1074 1x107° 83167 x 1074
K'i o M 9x107° 7x107° 9x 107> NF
K’ no; M 2x107% 15%x 1074 6x 1077 NF
DNRA
Kinax, DNRA' STid™h) - - 82.08 NF
K's, nos M - - 2% 107> NF
K'"'s poc M - - 28 x 1074 NF
K''1o M - - 6x107° NF
Growth and decay of autotrophic biomass
Yox amm Mauto/M 0.16 0.16 0.16 0.2-0.3
Yox nitit Mauto/M 0.035 0.035 0.035 NF
bau d! 1x 1078 1x1078 1x 1078 0.02-0.06
Growth and decay of heterotrophic biomass
Yox DOC Mhetero/M 0.6 0.6 0.6 NF
Ydenitit Mhetero/M 0.035 0.035 0.035 NF
Y denitat Mhetero/M 0.038 0.038 0.038 NF
bhet d-! 1x10°8 1x1078 1x1078 NF
Ypnra Mhetero/M - - 0.01 NF
Release compost
K STid™) - 8.64 x 107> 2.6784 x 107 NF

(except for denitrification reduction of nitrate in the nitrate inhibition),
probably because this process was hardly activated during the relatively
short duration of the experiment.

Generally, the evolution of the biogeochemical signature of the infil-
trating water was affected by the inclusion of a source of labile organic
carbon at the top surface of an aquifer in the form of a reactive barrier,
significantly affects the fate of the different compounds involved in
the nutrient (C, N) cycles, both short and long term. When the barrier
contains compost, transient accumulations of nitrite can be observed to-
gether with an overall increase in nitrate concentrations, probably due
to the oxidation of leached ammonia. This could pose a risk for aquifer
nitrate pollution; yet, this is counteracted by the DOC leaching, favoring
denitrification and nitrate reduction. Besides, adding a reactive layer in-
creases the number and the intensity of bacterial processes occurring in
the top layer of the barrier, increasing the variability of processes
coexisting within a very thin layer (e.g. there is a clear transition from
an oxic to an anoxic zone). In terms of purification capacity of MAR,
this variability would increase the potential for degradation of some
recalcitrant compounds (e.g., Emerging Organic Compounds) mostly
occurring by co-metabolism (Dalton and Stirling, 1982; Rodriguez-
Escales et al., 2017).

4. Conclusions

The presence of a compost reactive barrier placed on top of an infil-
tration pond used as a MAR facility has both pros and cons. In this work,
we studied how addition of compost might influence both the infiltra-
tion rates (i.e. quantitative issues and sustainability), and the evolution
in space and time of the quality of the infiltrating water. This was done
by analyzing flow through column experiments, combined with biolog-
ical analysis of the sediments once the columns were dismantled. Em-
phasis is placed in formulating a complex conceptual model of the fate
of the different compounds that constitute the nutrient (C and
N) cycles involved, and using this model to interpret the observations
in the experiments reported by Modrzyfiski, 2021.

Overall, the potential of compost is to release labile organic carbon,
enhancing biomass development and biofilm formation, and subse-
quently stimulate processes catalysed by the microorganisms. There-
fore, the reactive barrier acts by reducing significantly the infiltration
capacity of the system; the higher the compost percentage, the faster
the growth of microorganisms and the reduced porosity, reducing over-
all saturated hydraulic conductivity, and enhancing dispersivity as ob-
served in breakthrough curves of tracer tests. The combination of
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compost with sand implies that this infiltration capacity reduction can
be managed adequately by analyzing in the future optimal proportions
of compost and sand, and including other materials, like wood chips or
other more permeable materials. This analysis could be assessed by
means of full integrated biogeochemical models once a few batch and
column experiments are performed (to obtain the values specific of
the local parameters) with local soil and compost in the study areas of
interest to install future MAR facilities.

This reduction in infiltration is potentially compensated by the ben-
efits in water treatment resulting in improved water quality. The larger
the volume colonized by biofilm, usually means the larger the increase
in bacterial activity, although and overgrowth of biofilm may be also
harmful for these bacteria if nutrients are blocked from deeper parts
of the biofilm. Such activity results in a pronounced enhancement of
geochemical reactions, in particular those catalysed by microorganisms,
such as nitrification, denitrification and organic matter oxidation. The
addition of compost in the reactive barriers will have a significant im-
pact on the nutrient dynamics: In the short run, the addition of compost
caused leaching of nutrients (both carbon and nitrogen) and the occur-
rence of DNRA, while in the long run, the overall concentrations of nu-
trients (especially nitrogen) were the lowest of the three column
setups. Finally, in terms of purification capacity of MAR systems, this
variability would also increase the possibility of the degradation of re-
calcitrant compounds by co-metabolism.

To conclude, there is a need to look at MAR from an integrated point
of view, balancing the quantitative with the qualitative aspects. This will
allow maximizing the overall benefits of recharging aquifers with
treated wastewater, rather than having to rely on excessively high-
quality water for recharge. Eventually, this can expand the potential of
MAR in providing water security in the changing climate.

Supplementary data to this article can be found online at https://doi.
org/10.1016/j.scitotenv.2021.145490.
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